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ABSTRACT

Author: Nunez-Mir, Gabriela, C. PhD
Institution: Purdue University
Degree Received: May 2018
Title: Understanding Macroscale Patterns and Processes of Invasion
Major Professor: Songlin Fei
The increasing rate of biological invasions and their impacts are one of the major threats in the
Anthropocene. However, certain knowledge gaps remain in our understanding of patterns and
processes of invasion, despite an extensive body of research dedicated to this phenomenon.
Highly-debated topics in invasion ecology could benefit from a macrosystems perspective.
Studies performed at the macroscale are able to capture the effect of global-level processes that
drive invasions, detect patterns that transcend taxonomic and geographic boundaries, and
minimize biases stemming from the specificity of studies performed at more localized scales.
Here, I aim to provide novel insights into highly-debated invasion questions by approaching
these questions with a macrosystems perspective. Specifically, I explored two topics in invasion
ecology: 1) the prediction of invasiveness of exotic species through traits, and 2) the role of
native beta diversity in biotic resistance. In the first study, I provide an overview of biotic
resistance in forest ecosystems. Here, I summarize current research on mechanisms and
inconsistencies of biotic resistance, as well as remaining gaps in research. In the second study, I
sought to identify key traits of invasiveness through a comparative analysis on 45 traits of 63
invasive and 824 non-invasive exotic woody species found across the contiguous United States.
Through this comprehensive comparative analysis, I was able to identify key determinants of
invasiveness and create a statistical model able to accurately predict the invasiveness of exotic
woody species. In the third study, I performed a multi-scaled assessment of the influence of

x
native beta diversity on NERR slope and exotic fraction in freshwater systems across the
contiguous United States. The purpose of this study was to describe the role of native beta
diversity in biotic resistance across scales. My findings show that native beta diversity increases
biotic resistance, albeit only at the largest spatial scales. The contributions of these studies have
the potential to be of great utility for resource management. The knowledge generated by the
invasive traits study can be used to improve existing screening tools and current classifications of
invasive status. In addition, my findings suggest that native beta diversity could potentially be
used to identify areas vulnerable to invasion or as a tool to increase biotic resistance.
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CHAPTER 1.

INTRODUCTION

The increasing rate of ecological, economic and social impacts of invasive exotic species makes
this issue one of the major threats in the Anthropocene (Vitousek et al. 1997, Simberloff et al.
2013). Biological invasions have a rich history in ecological literature that can be traced back to
early foundations of the field (Elton 1958, Baker 1965). Still today, prevention and mitigation of
establishment and spread of invasive species are major priorities in ecological research and
ecosystem management (Pyšek and Richardson 2010). Despite the extensive amount of research
dedicated to understanding patterns and processes of invasion, certain knowledge gaps remain.
First, identifying characteristics that make some exotic species more invasive than others
remains a major challenge in invasion ecology. Although an extensive amount of research has
been dedicated to isolating attributes that confer invasiveness (Rejmánek 1996, Van Kleunen et
al. 2010, Rejmánek 2013), previous research has made insufficient progress on identifying key
invader traits. Because our understanding of widespread invader traits remains inconclusive, we
are currently unable to generalize prediction of the invasiveness of species that may be
introduced. The ability to predict potentially damaging species is an important priority, as
eradication is often unattainable due to high labor and economic costs (Rejmánek and Pitcairn
2002, Panetta 2015).
In addition, the association between native richness and invasion is still not well
understood. Classical ecological theory states that as native richness increases, competitive
resistance is enhanced, therefore increasing resistance to invasion (MacArthur 1955, Elton 1958,
MacArthur 1972). However, as research on this phenomenon advances, it has become
increasingly clear that this association is much more complex than expected. Empirical and
theoretical studies have shown that the association between native richness and invasion is
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inconsistent, varying across scales and ecosystems of study (Herben et al. 2004, Fridley et al.
2007). Furthermore, we still have insufficient understanding of the role of other aspects of
diversity that may be involved in biotic resistance to invasion, as studies focus almost
exclusively on the role of native richness at the local and regional level (i.e. alpha and gramma
diversity, respectively).
Ecological questions, such as these, could benefit from a macrosystems perspective.
Macrosystems ecology is a relatively new subdiscipline that addresses ecological phenomena at
the macroscale (i.e. regions to continents) and their interactions with phenomena at other scales
(Heffernan et al. 2014). Studies performed at the macroscale are able to capture the effect of
global-level processes that drive invasions, detect patterns that transcend taxonomic and
geographic boundaries, and minimize biases stemming from the specificity of studies performed
at local scales (Iannone et al. 2015). An understanding of ecological patterns and processes at
macroscales is necessary, as many of the causes and consequences of environmental problems
occur at these scales (Peters et al. 2011, Liu et al. 2013, Heffernan et al. 2014). This is
particularly true for biological invasions, as this phenomenon is closely connected to human
activities, most of which occur over vast geographical extents.
Macroscale anthropogenic factors influence invasion at every stage of the invasion
process (i.e., introduction, establishment and spread). The introduction of invasive species into
new environments is one of the most obvious examples of the anthropogenic nature of biological
invasions. The massive expansion of global trade and human migration in the past 200 years has
increased the number of species transported outside of their native ranges by various orders of
magnitude (Di Castri 1989, Mack et al. 2000, McNeely 2001). Many of these introductions are
unintentional, making transportation hubs, particularly shipping ports, important sources for the
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accidental introduction of exotic propagules (Floerl and Inglis 2005, Liu et al. 2013). On the
other hand, certain taxonomic groups, namely woody plants and freshwater sport fish, are of
special human interest, and therefore are mainly introduced intentionally for human use. Woody
plants have been introduced for ornamental purposes, erosion control, timber production, and as
foodstuff for livestock and people for centuries (Binggeli 2001). Although many of these
introduced plants have been beneficial for humans, many others have become invasive due to
their unintentional spread and subsequent negative impacts on the environment and on society
itself. Freshwater fish share a similar history. Many freshwater fish species have been
intentionally introduced to rivers and lakes outside their native ranges and across the globe for
the sole purpose of freshwater fishing, with little regard for environmental or ecological
consequences (Cambray 2003). These introductions have resulted in environmental degradation
at the global level due to major losses of biodiversity in recipient systems.
Macroscale anthropogenic factors also play an important role in the establishment and
spread of invasive species. For example, the effects of human land-use, both past and current, on
exotic species invasions have been shown to be of primary importance to invasive establishment
(Hobbs 2000, Allan 2004, Didham et al. 2007, Vilà and Ibáñez 2011). Land-use has a two-fold
effect on the establishment of invasives. First, human-modified environments (e.g., urban areas,
agricultural fields) are associated with processes that generate ideal conditions for invasive
establishment and spread at both the local and regional scales. Processes, such as anthropogenic
disturbance and fragmentation, result in increased nutrient levels, edge habitats, environmental
heterogeneity, and/or decreased competitive ability of native species (Kercher and Zedler 2004,
Chytrý et al. 2008). Second, human-modified environments may promote the availability of
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propagules by enhancing connectivity among populations and/or modulating dispersal of species
(Parendes and Jones 2000, Kalwij et al. 2008).
The potential contributions of macroscale studies go beyond improving our
understanding of invasion patterns and processes. In an increasingly connected world, there is a
growing societal need for ecological knowledge, guidance, and predictions at very large scales
(Heffernan et al. 2014). Scaling-up the findings and knowledge generated by studies performed
at local or regional scales may be misleading or inadequate for high-level resource management
(i.e. national or international institutions) (Berkes 2006). Therefore, these institutions require
research that is not only able to describe patterns and processes at larger scales, but that is also
able to encompass the complexities and interlinkages of macrosystems. Furthermore, local
managers could greatly benefit from understanding the broader context in which the systems
they manage exist. Since broad-scale environmental drivers appear to be more important than
fine-scale ones, the latter becoming better predictors of invasion only when conditions at broader
scales are met, local managers may make decisions or predictions based on their knowledge of
patterns and processes at larger scales (Milbau et al. 2009).
Here, I aim to provide novel insights into highly-debated ecological questions by
approaching these questions with a macrosystems perspective. Chapter 2 provides an overview
of biotic resistance in forest ecosystems. This chapter synthesizes existing knowledge on the
different mechanisms of biotic resistance, explores ecological and statistical causes of observed
inconsistencies, and provides suggestions for future research directions. Chapter 3 features a
macroscale study of invasive traits of exotic woody plants found in forests across the contiguous
United States. The breadth of species, traits and spatial coverage of the dataset used in this study
allowed me to address the limitations that have precluded generalized predictions of
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invasiveness. Chapter 4 features a macroscale study of the role of beta diversity, an aspect of
native diversity whose role is poorly understood, in biotic resistance at multiple spatial scales in
the context of freshwater ecosystems across the contiguous United States. The role of beta
diversity in biotic resistance has seldom been explored, as the majority of studies focus on the
roles of local and regional richness. By focusing on this aspect of diversity at multiple scales and
across the United States, I sought to obtain new insights into the complex interactions between
native diversity, biotic resistance, and spatial scale. The contributions from these studies will not
only help bridge knowledge gaps in invasion ecology, but will also provide useful knowledge for
resource management and other stakeholders.
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CHAPTER 2.

2.1

BIOTIC RESISTANCE: FACTS, ARTIFACTS AND
MOVING FORWARD1

Abstract

Biotic resistance, the ability of communities to resist exotic invasions, has long attracted interest
in the research and management communities. However, inconsistencies exist in various biotic
resistance studies and less is known about the current status and knowledge gaps of biotic
resistance in forest ecosystems. In this paper, we provide a brief review of the history and
mechanisms of the biotic resistance hypothesis, and summarize the central topics and knowledge
gaps related to biotic resistance in forest ecosystems. Overall, although the amount of research
efforts on biotic resistance in forest ecosystems has increased since the mid-2000s, aspects such
as resistance to exotic pests and pathogens remain understudied. In addition, we synthesize
ecological and statistical explanations of observed inconsistencies and provide suggestions for
future research directions. Some of the observed inconsistencies on biotic resistance can be
attributed to (1) the interactive or additive effects of other ecological processes and (2) the
statistical artifacts of modifiable areal unit problem. With the advancement of new statistical
knowledge and tools, along with availability of big data, biotic resistance research can be greatly
improved with the simultaneous consideration of key ecological processes, the attention to
various scales involved, and the addition of understudied systems.

2.2

Introduction

The numerous ecological, economic and social impacts of invasive exotic (alien, nonnative, or
introduced) species have compelled major interest in effective approaches to mitigate their

1

Published in Biological Invasions, November 2017, Volume 19, Issue 11, pp 3287–3299
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establishment and spread. In particular, research has focused on the intrinsic ability of
communities to resist or control invasions—a phenomenon termed biotic resistance. Interest in
biotic resistance can be traced back to early ecology (MacArthur 1955, Elton 1958, MacArthur
1972), which proposed that as the number of species in a community increases, more niche
spaces are occupied and resources are more fully utilized, therefore enhancing the community’s
competitive resistance to invasion.
Understanding the degree and mechanisms of biotic resistance has important ecological
and conservation implications for it provides useful information for the identification of
communities that may be at risk of being invaded. Moreover, an understanding of biotic
resistance can guide management efforts to enhance a community’s ability to control established
invaders or resist future ones (Funk et al. 2008). However, as biotic resistance research advances,
it has become clear that this phenomenon is much more complex than expected. Native species
are able to interact with exotics in multiple ways that either decrease or increase the probability
of exotic establishment and spread. Inconsistencies among research findings on how biological
diversity impedes invasion success, both within and across scales, further muddle our
understanding (Fridley et al. 2007). Moreover, intrinsic ecosystem characteristics and underlying
mechanisms that shape community composition and structure have been found to influence the
ability of native communities to resist invasion (Kimbro et al. 2013, Alofs and Jackson 2014,
Smith‐Ramesh et al. 2016).
Because different ecosystems vary with regard to climate conditions, trophic levels, and
interactions among resident species that can affect the biotic resistance of the ecosystem
(Fraterrigo et al. 2014, Smith‐Ramesh et al. 2016), current knowledge on biotic resistance may
be biased toward specific ecosystems and thus may be inadequate for generalizations across
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ecosystems. For example, species with early successional traits and adaptation to disturbance are
strong invaders in grassland communities, but under vastly different environmental conditions
and disturbance regimes in forests, invaders require a different set of traits and adaptations (e.g.,
shade-tolerance) (Martin et al. 2009).
Here, we review and describe various interactions between native and exotic species that
diminish invasion success (i.e., mechanisms of biotic resistance). We then review forest-specific
biotic resistance literature, in order to elucidate system-specific processes. We further describe
the ecological processes and statistical artifacts that may be causing the observed inconsistencies
by masking the effects of biotic resistance. We end our review by proposing multiple fronts for
future research to advance our understanding of biotic resistance.

2.3

Mechanisms of Biotic Resistance

Competition has been the most widely studied mechanism of biotic resistance, particularly in the
plant invasion literature. In-depth theoretical and empirical studies of the mechanisms of
competition show that native plants are able to decrease the performance of exotic plant species
through direct reduction in available space, light and nutrients (i.e., niche complementarity). For
instance, Maron and Marler (2007) found that assemblages with higher plant species richness not
only displayed decreased soil moisture, light and nitrogen availability, but also lower invasibility
than assemblages with lower species richness. Byers and Noonburg (2003) found that the sum of
interspecific competitive effects in their competition model were a major driver of invasibility
when resources were held constant. Indeed, the strength of competitive resistance in plant
communities has been found to be closely related to abiotic factors, namely resource availability
(Shea and Chesson 2002, Going et al. 2009). However, due to spatio-temporal variability in
resource availability an exotic plant invader can still overcome competitive resistance by
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possessing an advantage over resident species at a given time or location (Shea and Chesson
2002).
Although there is a heavy focus on competition as a mechanism of biotic resistance,
native communities are able to resist invasion through other ecological processes, such as
consumption (i.e., herbivory and predation) and pathogeny. One of the earliest comprehensive
reviews of various mechanisms of biotic resistance compared the effects of competition, the
diversity of resident competitors, herbivory and soil fungal communities on exotic plant
establishment and performance through a meta-analysis of 52 biotic resistance studies (Levine et
al. 2004). The meta-analysis showed that competition, herbivory and competitor diversity had
strong effects on invader establishment and performance. Evidence on the effects of mycorrhizal
fungi and fungal pathogens, on the other hand, showed inconsistent trends, highlighting the
species-specific nature of pathogeny as a mechanism of biotic resistance.
While the individual effect of these mechanisms is relatively well studied, the interactive
and additive effects of these mechanisms in conferring biotic resistance is considerably less well
understood. Biotic resistance may be conferred indirectly, through interactions that alter the
abundances of species that do interact directly with the exotic invader. Mitchell et al. (2006)
propose a theoretical framework to assess and quantify the interactive effects of two species of
enemies, mutualists, or competitors on an introduced plant.
Furthermore, we are beginning to understand how intrinsic differences among
ecosystems influence biotic resistance mechanisms, and consequently the relative importance of
each mechanism in any given ecosystem. Studies have shown important differences between
marine, freshwater, and terrestrial ecosystems. Consumptive resistance appears to be a much
stronger mechanism of biotic resistance than competition in aquatic ecosystems, presumably due
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to cross-ecosystem variation in typical levels of community saturation, the role of local
coexistence mechanisms, and native traits (e.g., growth rate, size and nutritional quality)
(Kimbro et al. 2013, Alofs and Jackson 2014).

2.4

Biotic Resistance in Forest Ecosystems

Studies testing biotic resistance have been mostly centered around grasslands and aquatic
ecosystems, rendering our knowledge of biotic resistance in forest ecosystems relatively
rudimentary. In June of 2016, we used the online database Scopus to obtain all abstracts of
journal articles published (N = 501), ranging from 1980 until present, related to biotic resistance.
The following keywords were used in searching all titles, abstracts, and keywords: “Biotic
resistance” OR “Invasion resistance” OR “Resistance hypothesis” OR “Invasion paradox” OR
“Native-exotic richness relationships”. Individual abstracts were then classified for specific
systems, i.e., forest, prairie, grassland, and other. Overall, grasslands (N = 85) and aquatic
ecosystems (N = 100) dominated the literature, especially during the early period (Fig. 2.1).
Abstracts in the “other” category, which predominantly consisted of studies that were not
ecosystem-specific, also figured strongly in the literature. Forest ecosystems were not
particularly neglected (N = 65). Articles on forest ecosystems emerged in the mid-2000s and
have increased exponentially since then. Here we review the current knowledge of biotic
resistance to invasions in forest ecosystems.
2.4.1 Content Analysis of Published Research of Biotic Resistance
To obtain a comprehensive understanding of existing literature on biotic resistance in forest
ecosystems, we performed an automated content analysis (ACA) on the 65 forest-centric
abstracts using Leximancer 4.0 (Leximancer Pty Ltd., Brisbane, Australia). ACA is a novel
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literature synthesis technique that uses text-parsing software to classify large volumes of text into
categories named concepts. We followed the steps detailed in Nunez‐Mir et al. (2016) to perform
ACA.
The ACA results indicate that the most prominent concepts in the forest biotic resistance
literature revolved around seedling recruitment and survival traits (Fig. 2.2). In many cases,
seedling survival and recruitment were also explored against varying abiotic conditions,
particularly soil conditions (e.g., Dechoum et al. 2015), highlighting the contingency of biotic
resistance on abiotic conditions in forests. The concept map also shows a strong focus on how
interactions at the community-level influence invasion (e.g., Green et al. 2011, Questad et al.
2012, Brooks and Jordan 2013). Nonetheless, a cluster of concepts at the top of the map shows
that features at the landscape scale are also considered, in addition to local scales (e.g., Butler et
al. 2014, Yeo et al. 2014). Unsurprisingly, the diversity of native species, in particular trees,
seems to be the most frequently studied mechanism of biotic resistance in the forest-specific
literature. In fact, our map suggests that pine-dominated ecosystems may be the focus of a high
proportion of forest-centric biotic resistance studies (e.g., Collins et al. 2007, Zas et al. 2011),
though ironically pine species are among the most relevant exotic invaders (Nunez and Medley
2011). Furthermore, native diversity appears to be strongly associated to management,
highlighting the practical implications and applicability of biotic resistance research in the
context of forests.
We further explored the interrelationships among these concepts through a concept cooccurrence matrix (Online Resource 1), which allowed us to assess the strength of the
associations between concepts. To gain more insight into the major topics discussed in the
literature, we focused on the concepts most strongly associated to invasion and resistance.
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Unsurprisingly, the concepts most closely associated to both concepts were exotic, plant and
native, highlighting the plant-centric focus of biotic resistance research previously pointed out by
other reviews of the literature (see Levine et al. 2004). More insightful, however, is the
association between resistance, native and diversity. The strong association of resistance with
these concepts evidences the perceived importance of diversity as a mechanism for resistance to
invasion (Guo et al. 2015). The concept management was also tightly connected to diversity. The
two concepts occurred jointly in about half of the total number of text segments containing the
concept management, possibly evidencing the maintenance of native richness as a preferred
management strategy to increase resistance to invasion at both the community and landscape
scale. In fact, in regards to scale, the concept community was among the most strongly related to
both invasion and resistance. This finding highlights the typical prevalence of studies at smaller
scales, and indicates a need for more studies at the landscape and regional scales.
2.4.2 Current Understandings of Biotic Resistance in Forest Ecosystems
In general, forests are relatively less easily invaded than other terrestrial ecosystems (e.g.,
grasslands) (Martin et al. 2009). In fact, high resistance to invasions in old-growth, closedcanopy forests is a widely-held concept (Rejmánek 1989, Brothers and Spingarn 1992, Von
Holle et al. 2003, Fei et al. 2008). Although ecological theory (Elton 1958) and empirical
evidence (Tilman 1997, Bufford et al. 2016) suggest that this perceived superior resistance is due
to competitive resistance, a number of studies report positive relationships between native and
exotic diversity (e.g., Stohlgren et al. 1999, Howard et al. 2004, Gilbert and Lechowicz 2005).
These studies highlight the importance of abiotic factors and native species composition and
abundance (Iannone et al. 2015). For instance, Howard and co-authors (2004) showed that in
pine barrens and mixed hardwood communities, abiotic conditions generally associated with
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favorable environments for high native diversity (i.e., mesic, fertile soils) correlated with
increased invasion by shade-tolerant exotics. Another environmental factor that may influence
the relative strength of biotic resistance mechanisms is disturbance. Undisturbed forests have not
empirically shown superior resistance to invasion (Martin and Marks 2006, Martin et al. 2009).
In fact, disturbance has been found to strengthen the pressure of herbivory on exotic grasses that
establish on disturbed sites (Maron and Vila 2001). Nonetheless, other studies show that the
opposite may also be true, as exemplified by the inversely proportional abundances of an
endemic predator and an exotic snail in an insular rainforest (Lake and O'Dowd 1991).
Disturbance (or lack thereof) may play a larger role on how biotic resistance hinders the rate of
invasion or spread, rather than the establishment of an exotic species (Martin and Marks
2006).Similarly, the effects of native diversity on exotic pest outbreaks are inconsistent with
expectations founded on ecological theory and empirical evidence based on studies with native
pests (Jactel et al. 2005). These studies argue that mixed forests experience fewer outbreaks than
single-species stands because the presence of non-host trees makes it difficult for pests to locate
their host species, whether physically or by obstructing odor recognition, and because there is
more predation due to the greater diversity and abundance of natural enemies in mixed forests
(Jactel et al. 2005). However, some studies have found that native forest diversity has no effect
on pest outbreak (e.g., Smith et al. 2015), while others have found positive associations (e.g.,
Liebhold et al. 2013). Similar to plant invasion, the observed differences in pest-native tree
relationship could very likely be the result of different scales studied. Diverse forests appear to
harbor more pests due to the increased probability of presence of suitable hosts (Liebhold et al.
2013). Furthermore, diverse forests maybe more prone to “associational susceptibility,” by which
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polyphagous exotic pests (e.g., gypsy moth, Asian longhorned beetle) move onto less palatable
species at high densities (Brockerhoff et al. 2006).
Evidence for consumptive resistance is equally inconsistent in its support for the role of
this mechanism in decreasing invasion success. Although herbivory has been found to hinder
establishment and performance of exotic producers in other ecosystems (e.g., Levine et al. 2004,
Parker et al. 2006), in forests, empirical studies show that generalist herbivores may either not
have a significant effect on invasion success (e.g., Bufford et al. 2016) or promote invasion as
certain exotics have greater tolerances (Ashton and Lerdau 2008, Eschtruth and Battles 2008).
Yet, Webster et al. (2008) showed that chronic herbivory decreases invaders’ ability to adapt to
drought; and Lombardero et al. (2012) found that stands of the exotic Pinus radiata were more
vulnerable to herbivory and disease than its native congener, as the natives have evolved
resistance to native herbivores. On the other hand, consumptive resistance through predation of
exotic consumers may be a stronger mechanism of biotic resistance. For instance, insectivorous
birds were found to limit invasion of an exotic spider in a Hawaiian forest (Gruner 2005), while
predation from Elatophilus nigricornis decreased the impact of exotic insect Matsucoccus
feytaudi on maritime pine stands (Jactel et al. 2006).

2.5

Controversies in Biotic Resistance

As evidenced in the sections above, from its early stages, biotic resistance research has displayed
contradicting evidence regarding the ability of native communities to resist biological invasions,
not only in forests, but also in all other ecosystem types. This inconsistency is more clearly
illustrated by the patterns observed when testing the relationship between native and exotic
richness, an indicator of competitive resistance. Empirical and theoretical studies have shown
that the association between native diversity and invasion are inconsistent, varying across scales
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and ecosystems of study (Herben et al. 2004, Fridley et al. 2007, Guo 2015). Generally, at small
spatial scales, at which interactions between individuals take place, plots or units with more
native species contain fewer exotic species than those with lower native diversity (e.g., Tilman
1997, Chen et al. 2010), as predicted by the classical theory of biotic resistance. However, some
studies have shown the opposite pattern under the same conditions, a positive relationship
between native and exotic diversity (e.g., Cleland et al. 2004, Jauni and Hyvönen 2012, Zeiter
and Stampfli 2012).
Studies performed at larger spatial scales further add a layer of complexity, as at these
scales the relationship between native diversity and exotic species is almost consistently positive
(see Stohlgren et al. 2003, Herben et al. 2004). The combination of these observed patterns leads
to what is called the “invasion paradox,” which states that negative relationships should be
expected at small spatial scales, while a positive relationship is expected at larger scales (Fridley
et al. 2007). Here, we further review the underlying ecological processes and statistical artifacts
that could help to better explain the observed invasion paradox.
2.5.1 Processes Diluting the Biotic Resistance Effects
Ecologists have proposed a number of underlying processes able to mask or counteract the
effects of biotic resistance occurring at the local scale, and therefore generate positive
relationships. Two of the ecological processes identified, facilitation and biotic acceptance,
generate positive relationships at both the small and large scale. Facilitation and biotic
acceptance represent opposing views to pathways by which diversity begets diversity.
Facilitation refers to positive interactions among native species and between natives and exotics
that enhance establishment and survival of exotic species (Bruno et al. 2003), while biotic
acceptance refers to the situation where favorable environments, presumably indicated by high
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native richness, are able to maintain large numbers of species, regardless of origin (Stohlgren et
al. 2006).
The role of facilitation on invasion success was first brought to the forefront in Bruno et
al. (2003). The authors proposed that positive interactions among native species could result in
habitat changes that can increase or decrease favorability for exotic invaders. Through
facilitation, positive effects from natives to exotics may outweigh the effects of competition in
particularly stressful environments. Early support for the role of facilitation showed that the
influence of facilitative interactions could explain contradicting patterns among differing
environmental conditions. Von Holle (2005) found positive relationships between native and
exotic species richness in harsh, stressful streamside areas, yet negative relationships in the more
benign upper terrace plot. The author summoned facilitation to explain these contradictions,
stating that the occurrence of facilitation in stressful environments is a well-known mechanism
of survival.
“Biotic acceptance” was coined and upheld as the antithetic process to “biotic
resistance.” Formally proposed in Stohlgren’s and co-authors’ “Scale and plant invasions: a
theory of biotic acceptance” (2006), the hypothesis of biotic resistance states that coexistence is a
stronger force than competitive exclusion, and therefore favorable environments are able to
harbor high numbers of exotic species regardless of the number or abundance of natives. The
authors found native species richness to be positively correlated to invasion at the county, state,
region and national scales. Therefore, they argue that the strength of biotic acceptance is highest
in areas with high species richness and optimal conditions for growth (in the case of plants). An
observational study on old-field plant communities, Souza et al. (2011), contributed toward the
biotic acceptance hypothesis by providing more evidence to support the claims made in
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Stohlgren et al. (2006). Souza and co-authors found positive native-exotic relationships at all
scales, with native and exotic species richness being more strongly related at the regional scale.
They also found regional exotic richness to be strongly related to local exotic richness.
Regarding underlying mechanisms, the authors found that mean foliar cover at the landscape
scale was the most important factor influencing the slope of native-exotic richness relationships,
indicating that the favorability of the environment rather than heterogeneity shaped explained the
positive patterns observed.
2.5.2 Statistical Artifacts
One of the chief unresolved issues in the biotic resistance research is the change in the direction
of the native-exotic richness relationship when moving from small to larger scales. Instead of
summoning ecological processes, an alternative camp of thought attributes this scale dependency
in the observed patterns to statistical artifacts. This line of research stipulates that sampling
effects, simple numerical constraints, and inappropriate null models may produce an artificial
negative relationship between native and exotic diversity at the small scale that becomes positive
as scale increases. The Modifiable Areal Unit Problem (MAUP), a statistical artifact defined as
the effect of aggregation of data on statistical measures, may explain the positive relationship
between native and exotic diversity at large scales. In that case, the effect of biotic resistance
may be artificially masked by MAUP as scale is increased (Dixon Hamil et al. 2016).
MAUP, in fact, refers to two separate but related problems: the zoning and the scale
effect (Openshaw and Taylor 1979, Wong 2009). The zoning effect occurs when analyses using
units of different shapes, orientation and/or configurations produce different results. On the other
hand, the scale effect occurs when units are aggregated and analyses performed on a smaller
number of units. The configuration (zoning) and number (scale) of units interact with the spatial
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distribution of the data at its original resolution. As a result, the relationship between spatiallydistributed variables is either magnified or diluted. For instance, Fotheringham and Wong (1991)
found that slightly negative relationships at the original resolution could become moderately
positive as units were aggregated into larger scales. These findings echo the contradicting
patterns observed across scales in the relationship between native and exotic species richness,
stressing the need to be aware of this statistical artifact when studying these relationships.
The term “MAUP” was coined by Taylor and Openshaw in 1979. However, the concept
had already been identified and discussed in the literature decades prior. For example, Yule and
Kendall (1950) present the results of three experiments that test the mechanisms through which
MAUP is produced. From these experiments, the authors showed that at their largest scale (99
counties aggregated into 6) correlation coefficients ranging from-0.999 to 0.999 could be
observed. They concluded that although spatial autocorrelation and the zoning configuration
interact in predictable ways that could explain the variety of correlation coefficients observed,
the relationship between spatial autocorrelation and correlation coefficient is much more
complex and elusive.
Although relatively well studied in other fields, MAUP has had relatively less attention in
the ecological fields, despite the fact that it is highly relevant to any study featuring aggregated
data or cross-scaled spatial processes or phenomena. There are, however, a few studies that have
focused on the MAUP effects in the context of ecology. An early introduction of MAUP to the
landscape ecology community, Jelinski and Wu (1996), explores the impacts and implications of
scale and zoning effects on landscape analyses. In this study, the authors explore the scale effect
by aggregating pixels, and zoning effects by creating different zoning configurations at the small
scale and large scale. The authors found that increasing scale for the most part decreased spatial
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autocorrelation across landscapes, while changing the zoning configuration had mixed effects on
spatial autocorrelation depending on the landscape, reflecting intrinsic differences in the spatial
distribution of these landscapes.
Another study exploring the effects of MAUP in an ecological context, Lechner et al.
(2012), tested how the resolution of remote sensing environmental data affects the perceived
intrinsic scale at which the interaction between an ecological attribute and an environmental
factor occurs. The effects of MAUP on the identification of intrinsic scale were tested through a
simulation model that compared the relationship between species diversity and vegetation cover
for a correct landscape and a set of apparent landscapes, created by aggregating and processing
pixels. The authors found that the apparent landscapes, using different pixel sizes, displayed
different correlation curves, evidencing the presence of MAUP in this use of remote sensing
data.
These findings demonstrate that MAUP may have serious implications for the application
of certain spatial analysis methods or simulation models that involve aggregation. In particular,
remote sensing is vulnerable to MAUP as the pixels of the image are certainly modifiable units
that depend on the capacity of the sensor and available technology. The influence of MAUP on
ecological research warrants more attention than it is currently given.

2.6

Moving Forward

To improve our understanding of biotic resistance, both in forests and other ecosystems, it is
necessary to study the interactions of the aforementioned ecological processes, along with a need
for better frameworks for handling statistical artifacts. Moreover, we advocate the following
perspectives in advancing our knowledge in biotic resistance, particularly in forest ecosystems.
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2.6.1 Invasion Potentials vs. Degree of Invasion
It is still questionable whether native-exotic richness relationships can be used to evaluate
invasibility or even degree (or level) of invasion (DI). In other words, does a negative nativeexotic relationship actually indicate biotic resistance is at play? Furthermore, does a positive
relationship indicate the opposite? It is becoming increasingly clear that both DI and potential
invasibility of a community are determined by multiple factors, including the proximity to exotic
species pools, disturbance, human population density and migration (Rejmánek 2003), location,
and history (Davies et al. 2005). Communities that are equally resistant may show different DI if
the source of exotic species is remote or the time is not “right” (e.g., late succession)
(Williamson 1996), therefore displaying contradicting native-exotic relationships.
In addition, for native species to competitively resist invaders, they need to build up
sufficient biomass or cover so as to exhaust or limit resources, such as nutrients and light. For
instance, in communities with high levels of native species diversity, certain levels of
disturbances may reduce biomass and therefore create gaps that exotics can still invade
(Williamson 1996) while natives continue to persist, producing a positive native-exotic
relationship. Reported contradictions in the diversity-invasibility relationship may be a result of
differing levels of biomass or cover. Competition is linearly related to both aboveground and
belowground biomass, but not species diversity. Communities with high biomass may be
saturated, with most niches occupied. In such habitats interspecific competition is likely to be
very strong, thus displaying high biotic resistance. However, high diversity does not necessarily
equate with high biomass. When biomass is low, a positive relationship between biomass and
diversity is observed, but when biomass is high, a negative relationship emerges (Grime 2006).
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2.6.2 Resistance to Low vs. High Impact Invaders
Not all invaders were made equal. The damage caused by a single high-impact exotic invasive
species (e.g. Microstegium vimineum) may vastly outweigh that of multiple low- to moderateimpact invasives. In parallel, the processes that influence the establishment and spread of high
impact invaders, may differ from those that determine that of low/moderate-impact invaders.
Therefore, mechanisms of biotic resistance may differ in their efficacy depending on the
potential impact of the invader. Specific comparisons of biotic resistance to high- versus
low/moderate-impact invaders have not been pursued and may represent an interesting avenue
for future research. Current evidence suggests that certain mechanisms of biotic resistance,
namely herbivory and predation, may have an effect on the rate of spread or abundance of highimpact invaders (e.g., Bajer et al. 2015, Dorn and Hafsadi 2016). On the other hand, the ability
of established resident exotic species to contribute to a community’s resistance may be positively
related to their potential impact (Henriksson et al. 2016), providing an additional layer of
complexity.
2.6.3 Big Data and Novel Statistics
Many variables related to propagule pressure, socioeconomic invasion drivers, biological and
geophysical complexity can affect the realization and the prediction of biotic resistance for a
specific ecosystem. To better understand biotic resistance and its relationship to other
mechanisms, advances are needed in both of the following fronts. The first is the need for big
data at the regional to continental or even global scales. The two common attributes in big data,
large volume and high heterogeneity, can facilitate new insights in life science research that are
imperceptible from small datasets (Howe et al. 2008, Shneiderman 2014). Big data will not only
allow the exploration of large numbers of explanatory variables with sufficient statistical power,
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but also unveil across scale generalities and emergence of novel patterns that cannot be observed
with small observational or experimental datasets.
The second is the advancement of statistical tools. To better understand biotic resistance,
we believe the following statistical approaches can be beneficial. Due to variability in multiple
exogenous factors, not all study sites have approached maximum levels of invasion. For this
reason, statistical procedures such as extreme value analysis, quantile regression, and frontier
analysis, which are used to define the outmost relationship between the responses and
explanatory variables (Battese and Coelli 1995, Resnick 2007) should be considered if the
purpose is to unveil the biotic resistance patterns. On the other hand, if a study aims to uncover
the contribution of known or unknown variables to biotic resistance, machine learning based
statistical models, or Bayesian models, or the combination of the both should be considered.
Selecting important variables from a large number of potentially correlated variables is a
common challenge in fields that utilize massive datasets. Statistical and computational methods,
collectively referred to as machine learning, have been developed to address this problem in the
last 20 years (Jordan and Mitchell 2015). Bayesian models, on the other hand, not only can
generate the full posterior distribution of estimated parameters alleviating potential model
overfitting by identifying variables that have high levels of uncertainty, but also allow for
stochasticity at multiple levels and capture uncertainties due to “unobservable” latent variables
and parameters through the inclusion of hierarchical structure (Clark 2005, Beaumont 2010).
2.6.4 Highly Managed Forests and Plantation Forest Systems
Forests managed intensively for timber production tend to have fewer canopy species and
differences in their species composition and structure, compared with ‘natural’ forests (e.g.,
Crow et al. 2002). However, despite the potentially reduced richness in canopy tree species, this
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may not be obvious in studies comparing the overall richness of vascular plants (Paillet et al.
2010). For example, uneven-aged managed forests had fewer canopy species but more vascular
plant species overall than unmanaged old growth forests (Crow et al. 2002). This is thought to be
the result of selective encouragement of desirable tree species while unwanted species are
suppressed, combined with effects of overstory thinning and disturbance of the forest floor,
caused by management and harvesting, which lead to an increase in understory species (Crow et
al. 2002). Planted and plantation forests tend to have an even lower richness of canopy tree
species because they are typically managed as single-species stands, while understory plants may
or may not be reduced, for example if management practices suppress the understory (e.g.,
Carnus et al. 2006, Brockerhoff et al. 2008, Bremer and Farley 2010). Meanwhile, significant
areas of planted and plantation forests are distributed worldwide. For example, most of Europe's
forests were cleared in the industrial revolution and much of its current forests were reestablished by planting and were intensively managed (Perlin 2005). Similarly, planted forests
are massive in China, where different tree species and combinations of different species groups
were used (Fang et al. 2001).Therefore, due to the wide distribution and economic and ecological
importance of plantation forests, it is important to understand biotic invasions in these forests.
Given that habitat invasibility can be inversely related to biodiversity, the reduced
richness of tree species in intensively managed and plantation forests is a potential concern;
however, comparisons of invasions of these forests and natural forests do not provide
unequivocal evidence of the occurrence of such a relationship. There are examples of managed
forests that contain more exotic plant species than equivalent unmanaged old-growth or secondgrowth forests (e.g., Crow et al. 2002). Similarly, single-species forests (such as plantation
forests) tend to be more invaded by exotic plants and more invasible than mixed forests with less
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disturbance (Chytrý et al. 2008). Plantation forests may also be more invaded by exotic insects
than natural forests. For example, in exotic pine plantation forests in New Zealand,
approximately 25% of insect species were exotic, compared with only 7% in adjacent natural
forest remnants (e.g., Pawson et al. 2008). This difference is not primarily explained by
differences in the number of exotic beetles feeding on pines as this study concerned primarily
Carabidae and Scarabaeidae with species that use the exotic plantation forest as habitat but feed
on resources other than pine trees. The greater richness of exotic beetles is probably more related
to the habitat disturbance that occurred before planting and, to some degree, because the
understory includes many exotic plants (Brockerhoff et al. 2003) which provide opportunities for
invasion by exotic insects. It would be of interest to determine the relative importance of these
factors in explaining the greater invasion of these single-species exotic plantation forests, but it is
clear that they are less resistant to invasion than adjacent mixed native forests. On the other hand,
there are surprisingly few exotic pine-feeding insects in pine plantations in New Zealand,
contrary to expectations regarding the invasibility single-species forests of exotic tree species;
however, this appears to be more an effect of New Zealand’s geographic isolation and distance
from the main source regions of pine-feeding insects.
2.6.5 Improvement of Biotic Resistance to Insect and Pathogen Invasions
Compared to plant invasions, relatively little is known about biotic resistance to insect and tree
disease invasions. Comparing different regions of the world, more such exotic species are
established in some areas than others though these patterns reflect not only geographical
variation in biotic resistance but also variation in propagule pressure (Liebhold et al. 2013). One
aspect that differentiates herbivorous insects and tree pathogens from invasive plants is that their
ability to reproduce is constrained by the availability of host plants. This has several implications
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for resistance to invasions. For example, there have been relatively few invasions of insects and
diseases on native trees in the southern hemisphere because the primary source of trade and
travel from the northern hemisphere brings insects and diseases that are poorly adapted to the
taxa of trees in the southern hemisphere (Brockerhoff et al. 2010). Conversely, most insects
invading northern hemisphere forests have originated from other parts of the northern
hemisphere where they often feed on trees in the same genera or families (Mattson et al. 2007,
Yamanaka et al. 2015). Another consequence of the close association between insect herbivores
and plant taxa is that greater diversity of plants at the genus or family level increases the number
of potential hosts and therefore the opportunity for a greater number of insects to invade richer
forests. Based on observations in the United States, a positive relationship between native tree
species richness and the number of invasive forest insects was noted (Liebhold et al. 2013);
however, it is not clear whether this necessarily increases the probability of insect invasions. A
study at the plot scale has found that there was an inverse relationship between tree species
richness and the degree of invasion by a exotic tree-feeding insect on chestnut (Guyot et al.
2015).

2.7

Conclusion

Although the number of studies focused on biotic resistance has increased exponentially since
the late 1980s, many unresolved complexities and knowledge gaps remain. First, most research
has focused on the ability of plant communities to resist invasion through competition. Metaanalyses of the literature show that herbivory and predation are also able to confer resistance to
invasions. In fact, the relative importance of these mechanisms has been found to be ecosystemspecific. Second, empirical and theoretical studies have shown inconsistencies in the relationship
between native diversity and invasion across scales and ecosystems of study. Ecological
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processes such as biotic acceptance, the antithesis to biotic resistance, and facilitation have been
found to counteract or mask the effects of competition and/or consumption. Furthermore,
inconsistencies observed as scale is increased may be the result of statistical artifacts, in
particular the aggregation effects associated with the modifiable areal unit problem (MAUP).
Finally, research gaps that present fruitful venues for future research include invasions in
plantation systems and the role of biotic resistance in impeding exotic pest outbreaks. In order to
continue the advancement of biotic resistance research, it is necessary to consider the difference
between invasion potential and degree of invasion, as well as the use of big data and novel
statistical methods.
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Figure 2.1 Number of research articles focused on biotic resistance per year. Stacked bars
indicate the number of articles each year specific to an ecosystem type (aquatic, grasslands,
forests, other). The number of articles in 2016 are an estimate given the trends observed per
month from January to June, when the literature retrieval took place.
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Figure 2.2 Concept map of 65 forest-centric abstracts displaying the prominent concepts in the
text. The position of each concept on the map is indicative of its relationship to other
concepts. Circle size indicates the frequency of concept occurrence throughout the text. Solid
lines represent the strongest direct associations among concepts. Colored bubbles highlight
groups of concepts that fall within a common theme.
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CHAPTER 3.

3.1

PREDICTING INVASIVENESS OF EXOTIC WOODY
SPECIES USING FUNCTIONAL TRAITS

Abstract

Identifying potential invasive species and preventing their introduction and establishment are
important priorities in invasion ecology and landscape management. Although an extensive body
of research has been dedicated to identifying traits that confer invasiveness, our current
knowledge is inconclusive due to limitations in geographic scales and/or scope of traits analyzed.
Here, using a comprehensive set of 45 traits, we compared 63 invasive and 824 non-invasive
exotic woody plant species in forests across continental USA to determine if invasive and noninvasive exotic plants possess different traits. We found that invasive woody species often bear
the following two key traits: vegetative reproduction and long-distance seed dispersal (via birds,
water or mammals). Boosted classification tree models based on these traits accurately predicted
invasive status 86% of the time. Presented findings expand our understanding of the relative
importance of functional traits and their utility in predicting invasiveness.

3.2

Introduction

One of the major threats in the Anthropocene is the increasing rate and impacts of biological
invasions (Vitousek et al. 1997, Fei et al. 2014, Bellard et al. 2016). Preventing the introduction
and establishment of invasive species is paramount, as eradication is often impossible due to
high labor and economic costs, making the identification of potential invaders an important
priority (Rejmánek and Pitcairn 2002, Panetta 2015). Effective screening tools have long been
sought to assess the potential invasiveness (i.e. spread and/or impact) of invasive species (e.g.,
the Australian Weed Risk Assessment (Pheloung et al. 1999)). Most existing screening tools,
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however, are based mostly on a priori assumed importance of individual traits (Gordon et al.
2008, Koop et al. 2012).
Determining what makes some species more invasive than others continues to be a major
challenge in invasion ecology. Ever since the publication of Baker’s Law (Baker 1955, Stebbins
1957) (i.e., species capable of uniparental reproduction are more likely to establish after longdistance dispersal than species that rely on suitable mates and pollinators), a considerable amount
of research has been dedicated to isolating attributes that characterize successful invaders
(Rejmánek 1996, van Kleunen et al. 2010, Rejmánek 2013, van Kleunen et al. 2015).
Unfortunately, previous research on invasive traits made slow progress on identifying key
invasion traits, spurring a pessimistic outlook on invader prediction over wide taxonomic groups,
such as angiosperms (Williamson 1996, Thompson and Davis 2011). Improved data availability
and accessibility through online databases, along with the advancement of computational
capabilities and statistical techniques, has opened doors for a new, more promising era of
invasive traits research featuring comparative multispecies studies (Gallagher et al. 2015, Heger
et al. 2015). Reviews and meta-analytic syntheses of this new research highlight the possibility
for generalizations (see Kolar and Lodge 2001, van Kleunen et al. 2010), demonstrating the
value of a traits-based approach to predicting invasions.
Nevertheless, we still do not have adequate knowledge to generalize prediction of the
invasiveness and impacts of species that may be introduced. Our current knowledge of
determinants of plant invasiveness is often inconclusive, partially due to the fact that the majority
of studies are limited in geographic scale, the number of plant species/genera analyzed and the
breadth of traits included. Moreover, although the most straightforward way to identify invasive
attributes is to compare differences in invasiveness among exotic species with overlapping
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introduced ranges, most previous studies feature comparative approaches that are less effective
for this purpose, such as native-exotic comparisons (van Kleunen et al. 2010).
Here, we address these limitations by using a dataset containing all invasive (63 species)
and non-invasive (824 species) exotic woody plant species found in forests in the United States
based on 45 functional traits and characteristics. Forest invaders are of particular interest, as they
are considerably less studied than plants that invade treeless habitats (van Kleunen et al. 2010).
Forest ecosystems, once thought to be resistant, are now known to be vulnerable to shade
tolerant invasive species that pose a threat to biodiversity (Martin et al. 2009, Rejmánek 2015,
Nunez-Mir et al. 2018). The breadth of species and spatial coverage in our dataset gave us the
unique opportunity to make useful generalizations, allowing us to produce an effective model to
predict potential forest invaders.

3.3

Methods

3.3.1 Invasive Species and Traits Dataset
We compiled a database of 45 quantitative and qualitative traits (Table 3.1) for 824 noninvasive
and 63 invasive exotic woody species. The species in this database were identified by the US
Forest Service as introduced species that are just naturalized (i.e. non-invasive) or introduced
species that are invasive, as defined by Executive Order 13112 (Ries et al. 2004). Therefore,
based on this definition, “invasive species” are not only spreading naturalized species (invaders
sensu Richardson et al. 2000), but also assumed to have some environmental and/or economic
impact. The traits compiled fall loosely within the categories of morphological traits,
reproductive traits, pollination methods, dispersal vectors, environmental tolerance and
phenological traits. These traits were compiled from multiple sources, including online traits

32
databases, such as Flora of North America, Flora of China, Centre for Agriculture and
Bioscience International (CABI), and grey literature.
3.3.2 Data Analysis
The large number of variables in our dataset leads to a high level of multidimensionality, which
poses analytical challenges (e.g., noise from unimportant variables). To address this issue, we
implemented a systematic, sequential process of multivariate analyses to identify the most
important variables for differentiating invasive and non-invasive woody plants. The multivariate
techniques used were selected for their ability to handle mixed data types (continuous and
categorical). These techniques were performed on a dissimilarity matrix constructed by
calculating Gower’s distances among investigated species. Gower’s distance is designed to
handle mixed data and accept missing values, which is a common problem in large traits
databases (Gower 1971, Pavoine et al. 2009).
First, since we did not have information for all traits for all species, we took a subset of
the data that only included species with complete data for categorical traits. Although the
distance metric used (Gower’s distance) is able to handle missing values, the algorithm to
calculate Gower’s distance treats missing categorical values as a factor level for these variables,
causing undesirable artifacts (i.e. species with the same missing values clustered in trait space).
The complete subset included 51 invasive and 109 non-invasive woody species, all displaying
complete data for the same 45 traits. We then performed a series of distance-based redundancy
analyses (Legendre and Anderson 1999), a constrained ordination technique that is performed on
a distance matrix and therefore can be used on datasets comprised of mixed data types. We
executed these analyses in both a manual forward and backward selection manner on the
complete subset to select traits that best explain the separation between invasive and non-
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invasive woody species in multivariate trait space. In other words, we sequentially added
(forward) or removed (backward) variables from the dataset before rerunning the redundancy
analysis. If adding or removing a variable increased or decreased, respectively, the variation
explained by invasive status (R2), the variable was identified as influential and selected for
further analysis. The selected traits, marked in Table 3.1 with one asterisk, improved the model’s
R2. We identified 24 traits that improved the model’s R2. Upon further investigation of these
selected variables, we found that three of the 24 variables had the same value for all but one
species (e.g., “No” for 167 species, “Yes” for 1). These three variables (“Animal (other)
pollinated”, “Animal (nonspecific) pollinated”, and “Animal (other) dispersed seed”) were
excluded from all further analyses.
Using a refined version of the complete subset containing only the remaining 24 traits,
we performed a principal coordinates analysis (PCoA) using a Gower’s dissimilarity matrix to
determine the major axes of variance in the refined data. We were particularly interested in
finding if invasion status represented one of these axes. To identify the traits that contributed the
highest loadings on the principal coordinates of interest, we performed contingency analyses on
the categorical traits and correlations between numerical traits and the scores of the principal
coordinate of interest. We assumed that traits having p-values ≤ 0.05 to be most strongly related
to the separation among invasive and non-invasive species revealed by our PCoA (sensu Tecco
et al. 2013).
After identifying the traits that were most strongly related to separation among invasive
and non-invasive species (i.e. those having p-values ≤ 0.05), we focused on collecting data to
complete the missing values in our dataset for these six traits, increasing our number of species
from 51 (invasive) and 109 (non-invasive), to 63 and 794, respectively. We then performed
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boosted classification tree models to evaluate the predictive power of modelling these traits.
Boosted classification trees are improved versions of simple classification tree models that use
machine-learning to optimize predictive performance by integrating large numbers of simple tree
models in an adaptive manner (i.e. iteratively addressing poorly modelled observations and
outliers) (Elith et al. 2008). Our boosted classification trees were trained on 70% of the dataset,
and then tested on the remaining 30%. We evaluated the predictive ability of the model using
several metrics: sensitivity (i.e. true positive rate—proportion of invasives identified as such),
specificity (i.e. true negative rate—proportion of non-invasives identified as such), and total
accuracy (i.e. proportion of correctly identified species).

3.4

Results

The results of the PCoA on the refined dataset (i.e., the dataset containing 21 traits for 51
invasive and 109 non-invasive woody species) showed a diagonal separation in ordination space
between invasive and noninvasive woody species (Fig. 3.1). Although the percentage of
variation was low along PCo1 and PCo2 (7.1% and 5.8%, respectively), because these principal
coordinates represented the axes along which the highest level of variation occurs, our results
indicate that invasive and non-invasive exotics do differ in traits.
Because the separation between invasive and non-invasive species did not occur along a
principal coordinate axis, we performed contingency analyses on all 21 variables, instead of
performing correlations between quantitative variables and principal coordinate scores. Six out
of the 21 selected traits significantly separated invasive from non-invasive species (marked with
a cross symbol in Table 3.1). These traits indicate important differences between invasive and
non-invasive woody species in their ability to naturally regenerate vegetatively, in growth form
(e.g., trees, shrubs or, lianas), and in seed dispersal vectors (i.e. water, mammal, bird or insect)
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(Table 3.2). Vegetative regeneration (i.e. plants that demonstrate layering, suckering, root/stump
resprouting, runners, or rhizomes as methods of natural spread or persistence) was the strongest
contributor to PCo1 (χ2=33.2), followed by bird-borne seed dispersal (χ2=13.9).
A closer look into the values of these traits in the data showed a clear difference between
invasive and non-invasive woody species in their ability to reproduce vegetatively and in seed
dispersal vectors (Table 3.2). Invasive woody species appear to be more capable of vegetative
regeneration than non-invasive species (78% of invasives display vegetative regeneration vs 28%
of non-invasives). Invasives were also more likely to be bird (63% of invasives vs 30% of noninvasives), water (41% of invasives vs 16% of non-invasives) and mammal (29% of invasives vs
9% of non-invasives) dispersed than non-invasive species. On the other hand, seeds of noninvasive woody species are mostly insect-dispersed (29% of non-invasive species vs 10% of
invasives). Invasive and non-invasive plants also differed in growth forms: invasives are much
more likely to be lianas (16% of invasives are lianas, while only 3% of non-invasives display this
growth form), conversely non-invasives are more likely to be trees (32% of non-invasives vs
22% of invasives).
Because of the high relatedness among species with a shared phylogenetic history,
species in multispecies comparative approaches, such as the one in this study, should not be
assumed to be independent observations (Freckleton 2000). To determine if the observed
patterns were robust to the non-independence caused by confamilial species or growth form
categories, we performed two additional principal coordinates analyses to test the robustness of
these patterns against the signals of family membership and primary growth form (Appendix A).
The results of these PCoAs showed that most invasive species clustered together and apart from
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non-invasive confamilials or non-invasives of the same growth habit, suggesting that our
findings are robust to signals of family membership and growth form.
Results from the boosted classification trees further confirmed that natural vegetative
regeneration was the most important trait in separating invasives from non-invasives, accounting
for 39.3% of the variation on average. The second most important trait was dispersal of seeds by
water accounting for 20.1% of the variation, followed by bird seed dispersal (15.9%), primary
growth form (14.6%), mammal dispersal (8.8%), and insect dispersal (in opposite direction,
1.3%). The boosted regression tree model was very effective in predicting the invasive status of
exotic species, with an average accuracy of 0.86 (i.e. species were correctly identified as invasive
or non-invasive 86% of the time on average across 100 models). The models displayed an
average specificity of 0.86 (i.e. true negative rate—non-invasives were correctly identified 86%
of the time on average across 100 models) and an average sensitivity of 0.83 (i.e. true positive
rate—invasives were correctly identified 83% of the time on average across 100 models) (Table
3.3).

3.5

Discussion

Through a combination of multivariate and machine-learning methods, we were able to identify
six key traits that can consistently predict invasiveness of exotic woody species in continental
United States forests. The ability to reproduce vegetatively in the wild and long-distance
dispersal (via water, birds, mammals) were traits consistently associated with invasiveness in
exotic woody species. On the other hand, non-invasives were found to be more likely to be
insect-dispersed. Invasive and non-invasive woody species also differed in primary growth form,
with invasive species displaying a higher proportion of lianas, and non-invasives displaying a
higher proportion of trees. The boosted classification tree model created using these traits
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effectively predicted invasive status of exotic woody species (86% of the time on average). Our
study provides a substantial contribution to predictive frameworks and the development of
effective invasion risk screening tools for the detection of potential invaders.
The separation in traits of invasive and non-invasive exotic plant species has been
evidenced by previous research. For example, a comparison of invasive and non-invasive pine
species showed a separation between the two pine groups due to mean seed mass, minimum
juvenile period, and mean interval between large seed crops, signaling the existence of an r-K
selection continuum, on which invasive pines fall on the r-selected end (Rejmánek and
Richardson 1996). In fact, many studies indicate that these invasive and non-invasive exotic
plant species fall at opposite sides of the acquisitive-conservative continuum, with invasive
exotics displaying traits generally linked to resource acquisition strategies, such as high relative
growth rate, specific leaf area, maximum height, and shoot biomass allocation (Grotkopp et al.
2002, van Kleunen et al. 2010, Tecco et al. 2013, Gallagher et al. 2015, Erskine-Ogden et al.
2016). Because these studies focused mostly on traits related to resource capture/allocation and
fitness in disturbed habitats, the findings of our study make an important advancement by
identifying new, and perhaps stronger, determining traits of invasiveness in a wider range of
forest habitats.
The strongest determinant of invasiveness in our study was vegetative regeneration.
Species classified under "regenerates vegetatively" include plants that demonstrate layering,
suckering, resprouting (from root fragments or root crown/stump), runners, or rhizomes as
methods of natural spread or persistence—albeit not exclusively (i.e. they may also reproduce
sexually). An exceedingly larger proportion of invasives displayed vegetative regeneration as
defined above (82% of invasives versus 28% of non-invasives). Vegetative regeneration has
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been identified as a major driver of invasiveness and a major hurdle to control and eradication
not only for woody plants (Reichard and Hamilton 1997, Rolim et al. 2015), but also for
herbaceous species (Burns 2006, Marco et al. 2010, Rolim et al. 2015). In fact, prolific
resprouting is one of the most challenging traits for invasive control, as it is a major driver of
reinvasion and persistence, prompting a body of research dedicated to the management of
resprouting through specialized chemical treatments (Witkowski and Garner 2008, Coffman et
al. 2010, Constán-Nava et al. 2010, Enloe et al. 2015, Espeland et al. 2017). On the other hand,
the importance of uniparental reproduction for the establishment of exotic species outside their
range was first recognized by Baker (1955). This association is expected as vegetative
regeneration provides introduced propagules with an advantage to increase their abundance
rapidly and occupy vacant niches when suitable pollinators or mates are not available (Baker
1955, Lloret et al. 2005, Van Kleunen et al. 2015). Many invasive species have a high selfing
ability in their alien range (Razanajatovo et al. 2016).
The results of our study also highlight the importance of long-distance modes of dispersal
for invasiveness. Interestingly, while Reichard and Hamilton (1967) correctly concluded that
vegetative reproduction is an important attribute of invasive woody species, they did not
recognize vertebrate dispersal as an important trait. However, the importance of vertebrate
dispersal has been stressed by many other researchers (e.g., Binggeli 1996, Rejmánek and
Richardson 1996, Widrlechner et al. 2004). Efficient dispersal of propagules is essential to
advance from the naturalization/establishment stage to the invasion/spread stage (Gibson et al.
2011, Richardson and Rejmánek 2011, Pyšek et al. 2014). The general expectation is that longdistance vectors of dispersal enhance invasiveness by facilitating spread farther from the site of
introduction (Richardson et al. 2000, Trakhtenbrot et al. 2005). In line with expectations, our
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results show that invasive woody species distinguish themselves from non-invasives in their use
of birds (65% invasives versus 28% of non-invasives), water (38% of invasives versus 12% of
non-invasives), and mammals (33% vs 13%) as agents of seed dispersal. Birds, among the most
efficient long-distance dispersal agents (Vittoz and Engler 2007), have been identified as the
most prevalent mode of dispersal among invasive trees and shrubs at the global level (43% of
invasive trees and 61% of invasive shrubs globally) (Richardson and Rejmánek 2011). Likewise,
seeds can be transported long distances down streams and rivers, or along coastal currents. The
vast majority of invasive woody plants that display water seed dispersal thrive along bodies of
water (96% ─ 34% of all invasives). Examples include Russian olive (Elaeagnus angustifolia)
along streams, or Australian pine (Casuarina equisetifolia) along coasts. On the other hand, noninvasive species predominantly displayed insect-borne dispersal of seeds (e.g., myrtle
wattle─Acacia myrtifolia). Insects, particularly ants, are attracted to seeds with elaiosomes, and
will therefore transport seeds before consuming the elaiosome and dropping the rest of the viable
seed. Insect-borne transport of seeds is short-distance, rarely exceeding 10 meters (Bossard 1991,
Vittoz and Engler 2007).
Our results also indicated a difference in the predominance of growth forms between
invasive and non-invasive species. Although most woody exotic species (invasive or noninvasive) are shrubs (63% and 54% respectively), non-invasive woody plants were more likely to
be trees than invasives (42% versus 19%), while invasive woody plants were more likely to be
lianas than non-invasives (17% versus 4%). The relatively high number of non-invasive trees
may be associated to the intention of introduction. In North America, 99% of all naturalized
exotic woody plants were intentionally introduced, 85% of which have been introduced for
ornamental or functional landscape purposes (Reichard and Hamilton 1997).
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Nonetheless, there are a few considerations that must be made when interpreting these
results. For instance, invasive status, as defined here, is a human-made designation. It is possible
that species classified as “non-invasive” are just at an early stage of invasion or recognized
impacts, and therefore do not appear “invasive” at the moment. Residence time is an important
factor of invasion success, as species need to overcome multiple barriers not only to become
naturalized, but also to surpass lag phases before becoming widespread (Wilson et al. 2007,
Pemberton and Liu 2009, Gallagher et al. 2015). Also, because we used the invasive woody
species list compiled by the US Forest Service, there may be debate regarding the classification
of species as “non-invasive”. In Appendix B, we present the ordination from Figure 1, but
visually mark species that have been classified as invasive by Rejmánek and Richardson (2013).
Their definition of “invasive” woody taxa is strictly ecological and does not include any
judgments about their impacts. We separated these species (i.e. those labeled invasive by
Rejmánek and Richardson (2013)) into two groups based on their position in ordination space
(i.e. whether they overlapped with invasives or non-invasives). The first group of species should
be of particular interest, because they could also be “invasive” by the definition of Executive
Order 13112. The second group may include species that are actually or potentially spreading,
but may be environmentally/economically rather harmless. Also, some of the non-invasive
species in our database may be invasive elsewhere in the world. All invasions are, to some
extent, context/habitat dependent. Still, it may be a matter of time before some of these species
become invasive in the United States as well. Future research efforts should incorporate these
considerations in their methodologies. Furthermore, it would be of great interest to explore the
robustness of the patterns observed by extending the geographic range of our study and by
including herbaceous invasive species.
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3.6

Conclusion

Through a unique comparative analysis of 63 invasive and 824 non-invasive exotic woody
species on 45 traits, we developed a statistical model able to predict with considerable accuracy
the invasiveness of exotic woody plant species found in forests in the United States. Our results
suggest that the strongest determinants of invasiveness are vegetative reproduction and the usage
of long distance dispersal vectors, such as birds, bodies of water and mammals. Invasive and
non-invasive woody plants also differed in the predominance of certain growth forms, with
lianas being much more predominant in the invasive pool than in the non-invasive. The findings
from this study present an important contribution to the field, not only reaffirming existing
notions of invasive traits at a macroscale level, but also elucidating the importance of previously
unexplored traits and their utility in predicting invasiveness. Furthermore, our findings can
greatly improve existing screening tools and current classifications of invasive status.
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Table 3.1 Functional traits and characteristics obtained for each invasive and noninvasive species
in the traits database
Morphology Primary growth form*†

Dispersal

Water dispersed seed*†

Ovate leaf shape*

Mammal dispersed seed*†

Leaf arrangement*

Bird dispersed seed*†

Max. leaf width (cm)*
Max. leaf area (cm )*

Insect dispersed seed*†
Animal (other) dispersed seed*

Elliptic leaf shape*

Self-dispersed seed*

Oblong leaf shape*

Wind dispersed seed

Lanceolate leaf shape*

Animal (nonspecific) dispersed seed

Number of growth forms*

Seed weight (g/seed)

Max. leaf length (cm)

Fruit type

2

Max. height (m)
Leaf type

Pollination

Regeneration

Vegetative regeneration*†
Sexual regeneration*

Physiology
and environmental
tolerance

Length of life cycle*

Mammal pollinated*
Animal (other) pollinated*
Animal(nonspecific) pollinated*
Bird pollinated

Min. elevation (m)*
Max. elevation (m)*

Insect pollinated

Photosynthetic pathway

Self-pollinated

Chromosome number

Wind pollinated

Min. pH
Max. pH

Flowers

Flower color number*

Max. hardiness zone

Flower color primary

Cotyledon number

Flower type
Flower description

Other

Means of introduction

* Traits that increased R when added or decreased R when removed in a series of distance-based redundancy
2

2

analyses executed in a manual stepwise manner to identify traits that separate invasives from non-invasives.
† Traits that produced the highest amount of variation between invasives and non-invasives in an unconstrained
ordination.
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Table 3.2 Pearson’s chi-squared and percentage of invasives and noninvasives for main loading traits on PCo1. These traits produce the
highest amount of variation between invasives and non-invasives in
an unconstrained ordination. P-values for all traits fell under 0.05.
Trait

Χ2

Vegetative regeneration
Bird dispersed seed
Water dispersed seed
Primary growth form
Mammal dispersed seed
Insect dispersed seed

33.2
13.9
10.2
9.8
9.3
6.4

% of
invasives
78
61
43
30
11

% of
non-invasives
30
32
16
10
31
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Table 3.3 Mean and standard deviation of evaluative
measures of predictive performance for 100 boosted
classification trees.
Mean
St. Dev.

Specificity Sensitivity Accuracy
0.86
0.83
0.86
0.06
0.09
0.05
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Figure 3.1 Biplot of principal coordinates 1 and 2. PCoA of invasive (n=51) and non-invasive
(n=109) woody species using the 21 traits selected through manual stepwise distance-based
redundancy analyses.
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CHAPTER 4.

4.1

UNDERSTANDING THE ROLE OF NATIVE BETA
DIVERSITY IN BIOTIC RESISTANCE

Abstract

The relationship between native and exotic species richness has been found to be inconsistent,
varying across scales and ecosystems. The inconsistency of these patterns has been attributed to
many causes, including scale-dependency and variations across gradients. However, our
understanding of the role of native richness in biotic resistance to invasion is limited to richness
at the local and regional level (i.e. alpha and gramma diversity, respectively). We still have
insufficient understanding of the role of beta diversity, the scalar between diversity at the local
and regional scale, in biotic resistance. In this study, we sought to describe the role of native beta
diversity in biotic resistance to exotic species invasions across scales in the context of freshwater
systems of the contiguous United States. To do so, we assessed the influence of beta diversity of
native freshwater fish assemblages on the slope of native-exotic richness relationships and on
exotic fraction. Our findings show that beta diversity may increase biotic resistance at the largest
spatial scales, as it decreased both NERR slope and exotic fraction at these scales. Our findings
suggest that beta diversity may be used to facilitate the identification of regions vulnerable to
exotic species invasions or as a tool to increase biotic resistance.

4.2

Introduction

Empirical and theoretical studies have shown that the associations between native and exotic
species richness are inconsistent, putting in question the role of native richness in biotic
resistance to exotic invasions (Herben et al. 2004, Fridley et al. 2007). Generally, at small spatial
scales, areas with more native species contain fewer exotic species than those with lower native
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diversity (e.g., Tilman 1997, Chen et al. 2010). However, other studies have shown the opposite
pattern at the same scale, i.e., a positive relationship between native and exotic richness (e.g.,
Cleland et al. 2004, Jauni and Hyvönen 2012, Zeiter and Stampfli 2012). Studies performed at
larger spatial scales further add a layer of complexity, as at larger scales the relationship between
native and exotic species richness is often positive (see Stohlgren et al. 2003, Herben et al.
2004).
The inconsistency of these patterns has been attributed to many causes. Some researchers
claim the inconsistencies are an artifact of scale (Shea and Chesson 2002, Sandel and Corbin
2010). Others claim that the role of native richness on biotic resistance is context-dependent,
therefore causing inconsistencies across biotic or abiotic gradients (Davies et al. 2007, Souza et
al. 2011, Stotz et al. 2016). Yet, others believe that the inconsistency of these patterns is an
indication of the diminished role of native richness relative to other biotic characteristics, such as
biomass, functional diversity or phylogenetic diversity (Dukes 2001, Guo et al. 2015, Iannone et
al. 2016, Yannelli et al. 2017). These characteristics may be better indicators of niche and
resource utilization, and therefore show a more consistent role in biotic resistance.
Regardless, our understanding of the role of native richness is limited to richness at the
local and regional level (i.e. alpha and gramma diversity, respectively). We still have insufficient
understanding of the role of other aspects of diversity that may be involved in biotic resistance.
One such aspect is the scalar between diversity at the local (alpha) and regional (gamma) scale—
beta diversity. Beta diversity assesses the level of biotic heterogeneity of assemblages (i.e.
whether communities display clustering of species or are well-mixed), and as such can serve as a
proxy for spatial heterogeneity. This aspect of native diversity may be of particular interest, as
native and exotic species diversity have been found to be strongly correlated to heterogeneity in
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environmental structure and levels of abiotic factors (Deutschewitz et al. 2003, Davies et al.
2005, Kumar et al. 2006).
In this study, we sought to describe the role of native beta diversity in biotic resistance
across spatial scales in the context of freshwater fish. To do so, we assessed the influence of beta
diversity of native freshwater fish assemblages on NERR slope and on exotic fraction—the
percentage of exotic species out of the total number of resident species (Lonsdale 1999, Guo et
al. 2015). We chose to focus on these two measures, as NERR slope may be interpreted as an
indicator of biotic resistance, while exotic fraction indicates the level of invasion in a system. We
assessed the influence of beta diversity on NERR slope and exotic fraction at scales of varying
spatial grain and extent sizes. We varied the size of both spatial grain and extent as both
variables have been found to modulate NERRs (Sandel and Corbin 2010).
Beta diversity may contribute to higher levels in both native and exotic richness. Because
beta diversity is likely to be a good indicator for spatial heterogeneity, we hypothesized that beta
diversity enhances heterogeneity-dependent mechanisms of coexistence (e.g. spatial storage) and
therefore dampens biotic resistance. We predicted beta diversity to have a positive influence on
NERR slope (i.e. areas with higher levels of native beta diversity will display more positive
NERRs). As for exotic fraction, we expected beta diversity to have no effect on this measure, as
both native and exotic species richness will increase as beta diversity increases. Through this
multi-scale study, we sought to provide a thorough description of the insufficiently-explored
relationship between beta diversity and biotic resistance. By providing a better understanding of
beta diversity, either as a modulator of NERR or as a driver of biotic resistance, this study has
the potential to facilitate the identification of communities vulnerable to invasion, and therefore
prioritize management and conservation efforts.
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4.3

Methods

4.3.1 Occurrence and Richness Data
We obtained native and exotic fish species occurrence and richness data from the publicly
available databases NatureServe (for natives) and USGS Nonindigenous Aquatic Species (for
exotics). These datasets encompass the entire conterminous United States and are organized by
hydrological units (HUCs) in a hierarchical, spatially nested system (see Table 4.1). We obtained
data for 2058 HUC8 units out of the 2111 units contained within the 18 contiguous HUC2
regions.
To capture the influence of size of spatial grain and extent, we took advantage of the
spatially nested HUC system to derive six different spatial scales varying in grain and extent
size. We refer to each spatial scale following the notation “HUC##”, in which the first number
indicates the extent size and the second number indicates grain size (e.g., HUC68 represents
watersheds (HUC8) within accounting units (HUC6)). Table 4.2 describes these spatial scales.
Also, we found stark differences in the levels of native species richness between the
eastern and western halves of the United States (Fig. 4.1A). This strong pattern may indicate that
different processes govern these subcontinental regions. To minimize the influence of differences
in native species richness, as well as the influence of differences in other latent variables, we
separated our datasets into Eastern and Western HUCs and performed analyses separately (Fig.
4.1B).
We created distribution maps of NERR slope and exotic fraction summarized at the
HUC6 level across the conterminous United States to visualize broad-scale invasion patterns.
These maps were created using ArcMap 10.3.1.
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4.3.2 Calculating Native Beta Diversity
Native beta diversity was calculated using the pair-wise, dissimilarity version of the Sorensen
metric (βt) (Wilson and Shmida 1984). This metric expresses beta diversity as the proportion of
unique species (i.e. species found in only one of the two sites) out of the average site richness for
the two sites being compared. We chose this metric, as it is able to convey the variation in
species composition of HUC units (grain) within a larger HUC unit (extent). We were able to
determine native beta diversity in this manner, as the HUC system is hierarchically nested (i.e.
HUC8 units fit perfectly within HUC6 units, and so on). To synthesize all the beta diversity
values obtained from all pair-wise comparisons of HUCgrain units within a specific HUCextent unit,
we only used the maximum beta diversity value observed for that HUCextent. Although most
studies synthesize these pairwise comparisons by obtaining the mean value, we chose to use the
maximum value because it is more strongly associated with scale (i.e. grain and extent size). The
calculations were performed in the following manner:
𝑏𝑖 + 𝑐𝑗
𝐵𝑒𝑡𝑎 𝑑𝑖𝑣𝑒𝑟𝑠𝑖𝑡𝑦 𝑓𝑜𝑟 𝐻𝑈𝐶𝑒𝑥𝑡𝑒𝑛𝑡 𝑢𝑛𝑖𝑡 = max(2𝑎 +𝑏 +𝑐
𝑖𝑗

𝑖

𝑗

)

(1),

in which i and j are two HUCgrain units found within the target HUCextent unit; bi and cj are the
number of species unique to HUCgrain i and HUCgrain j, respectively; and 2aij is the number of
species found in both HUCgrain units.
4.3.3 Calculating NERR Slopes
NERR slope was defined as the estimated coefficient for native richness in a poisson regression
model as specified below.
Exotic richness ~ Native richness + Freshwater fishing demand

(2)

We believed it was necessary to take into account other processes that influence invasion and
that may dampen or confound the signal of biotic resistance—in particular, propagule pressure.
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Drivers of propagule pressure, especially anthropogenic drivers, have been found to be important
determinants of invasion across taxonomic groups. Davis and Darling (2017) found that the
strongest predictor of aquatic exotic species richness in freshwater systems across the United
States was recreational freshwater fishing demand. Therefore, we added a measure of freshwater
fishing demand as a predictor in our model to account for potentially confounding effects of
propagule pressure. We used the same freshwater fishing demand index used in Davis and
Darling (2017). This index represents the expected number of recreational days dedicated to
freshwater fishing in a given HUC unit. A poisson model was found to be more appropriate than
a linear model due to the distribution of exotic richness.
4.3.4 Assessing Influence of Beta Diversity on NERR Slope and Exotic Fraction
We performed simple linear regressions to assess the effect of native beta diversity on NERR
slopes that were found to be statistically significant (p < 0.05) (i.e. Significant NERR slope ~
Maximum native beta diversity). Before performing the models, we transformed both variables
(NERR slope and beta diversity) using appropriate power transformations to achieve normality.
We then performed regressions for each spatial scale (6 different combinations of extent and
grain HUC sizes), for a total of 12 regression models. We also performed 12 additional models
using all NERR slopes (Appendix C).
We then explored the influence of native beta diversity on exotic fraction. We defined
exotic fraction as the percentage of exotic species out of the total number of resident species in a
given HUC unit. To assess native beta diversity’s influence, we modelled exotic fraction as a
function of native beta diversity and freshwater fishing demand (to account for propagule
pressure) using the model below.
Exotic fraction ~ Maximum native beta diversity + Freshwater fishing demand

(3)
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Before performing the models, we transformed both exotic fraction and freshwater fishing
demand using appropriate power transformations to achieve normality. As with our NERR slope
analyses, we performed models at each possible spatial scale for a total of 12 regression models.

4.4

Results

4.4.1 Distribution of NERR Slope and Exotic Fraction
The map of NERR slope distribution across the conterminous United States shows distinctively
different patterns between the eastern and western halves of the United States (Fig. 4.2). The
western half of the United States is characterized by a predominance of positive relationships
between native and exotic species richness (most notably across the Lower Colorado River and
Great Basins), with pockets of negative NERRs. The eastern half, on the other hand, displays
mostly negligible relationships (slopes between -0.01 and 0.03), with weak to moderate negative
relationships sprinkled throughout (notably along the Great Lakes, northern Maine, and eastern
Florida). The New England region and Florida are an exception to the eastern US pattern, as they
display positive NERRs.
Echoing the broad-scale patterns observed for NERR slopes, the distribution of exotic
fraction across the conterminous United States differs considerably between the eastern and
western halves of the country (Fig. 4.3). The western United States is characterized by moderate
to high exotic fraction, i.e. exotic species represent more than 37% of all resident species. In fact,
exotic species represent more than 50% of all species in HUCs at this scale in areas such as the
Lower Colorado River basin, the Sacramento River basin and watersheds in southern California.
The opposite is true for the eastern United States, where exotic fraction is very low (less than
14% in most places). The exceptions to this pattern in the East are HUCs in southern Florida, the
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southern New England region, and the Great Lakes region, which display a higher exotic fraction
than the rest of the eastern United States.

4.5

Influence of Native Beta Diversity on NERR Slope

Overall, our results did not show any significant relationships between beta diversity and NERR
slope, except at the largest spatial scales. At the HUC26 spatial scale, we found a negative
relationship between native beta diversity and NERR slope that was almost statistically
significant for the combined model (p = 0.053) (Table 4.3, Fig. 4.4). Because we did not have
enough data points at the largest scales (i.e. HUC28, HUC26, and HUC24) to analyze patterns
within regions (i.e. Western and Eastern), we used the models produced with all NERR slopes to
look at subcontinental patterns at these spatial scales (Table 4.3, Appendix C). The models using
all NERR slopes showed significant negative relationships at the HUC26 spatial scale in the
combined, Western and Eastern models. We also found significant negative relationships at the
HUC24 spatial scale for the combined and Eastern models.
4.5.1 Influence of Native Beta Diversity on Exotic Fraction
Native beta diversity appears to have no effect on exotic fraction. We were not able to find any
relationship between native beta diversity and exotic fraction at any spatial scale in our combined
or Eastern regression models. In the western United States, native beta diversity had a
statistically significant positive effect on exotic fraction at the smallest scale (HUC68), and a
significant negative relationship between beta diversity and exotic fraction at HUC26.
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4.6

Discussion

4.6.1 Role of Native Beta Diversity in Biotic Resistance
Our multi-scale analysis of the effect of native beta diversity on both the slope of NERR and
exotic fraction has given us interesting insights regarding the role of beta diversity in biotic
resistance. We had hypothesized that beta diversity would dampen biotic resistance, by
enhancing mechanisms of coexistence associated with heterogeneity that would in turn promote
richness for both native and exotic species. However, our findings suggest that native beta
diversity may strengthen or increase biotic diversity under certain conditions. We found that
increased beta diversity is associated with more negative NERRs and decreased exotic fraction,
albeit only at the largest scales. This pattern suggests that the slope of NERR varies along a beta
diversity gradient at large scales. Future research should investigate whether large-scale
gradients of beta diversity influence NERR at smaller scales as well. Our results also suggest that
beta diversity decreases exotic fraction, but only and at the HUC26 spatial scale and only in the
Western half of the United States, where native richness levels are relatively low. We should also
note that beta diversity appeared to increase exotic fraction at smallest spatial scale (HUC68),
but also only in the Western half of the United States.
The mechanisms by which beta diversity modulates NERR or exerts biotic resistance are
unclear. Higher levels of beta diversity may be associated with a sampling effect—an increase in
the probability that a dominant native species is present as the number of species increases
(Brown and Fridley 2003). On the other hand, large scale drivers of beta diversity, such as
dispersal constraints (both current and historic), latitudinal gradients, and altitude, may have a
stronger influence on biotic resistance or invasion than other drivers of beta diversity, such as
environmental heterogeneity. A third possibility is that low levels of beta diversity at these scales
may be indicative of widespread environmental degradation (Socolar et al. 2016). Urbanization,
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along other anthropogenic forces, often result in the homogenization of species assemblages
through direct or indirect processes (McKinney 2006). Degraded areas with low beta diversity
may represent ideal venues for exotic establishment. This may explain why the highest levels of
exotic fraction and the strongest associations between beta diversity and exotic fraction/NERR
slope are observed in the West, where the lowest levels of native richness are found.
Alternatively, exotic species themselves may be the cause of biotic homogenization and low beta
diversity levels. The introduction of “desirable” exotic species for recreational fishing often
results in the competitive exclusion of native species, particularly species that are less abundant.
Therefore, areas with higher exotic fraction may also display low levels of beta diversity as a
consequence of invasion.
4.6.2 Eastern vs. Western United States
Our findings underscore the importance of considering broad-scale patterns when studying
invasion at smaller scales. Our distribution maps of NERR slope and exotic fraction show the same
pattern than the distribution map of native richness—a distinctive separation between the eastern
and western halves of the United States. The high similarity between the distribution of native
richness and these two variables suggests that patterns of NERR and exotic fraction may be shaped
by a continental-scale native richness gradient.
Starkly differing invasion patterns between the eastern and western US are not
unprecedented. Davis and Darling (2017) found the same division in continental invasion
patterns. Their findings demonstrate that the eastern United States is much richer in exotic
aquatic species than the western United States. The authors of this study found that these patterns
were driven by recreational freshwater fishing. Iannone et al. (2015) found the same spatial
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invasion pattern in forest plant invasions, suggesting that these patterns transcend taxonomic
boundaries.
4.6.3 Exotic Fraction vs. Exotic Richness
The broad-scale patterns observed for exotic fraction are contradictory to previous findings on
aquatic exotic richness. In this study, we found exotic fraction to be much higher in the western
half of the United States, suggesting that the West is more invaded than the East. However, the
findings of Davis and Darling (2017) suggest the opposite, as the eastern United States was
found to have a higher number of exotic species. The discrepancy between these patterns may
appear surprising, as one could presume that these two measures of degree of invasion are
correlated.
However, exotic richness is an absolute value, while exotic fraction is a relative value
(e.g. count versus proportion). Previous research suggests that the usage of absolute or relative
values to measure invasion may lead to very different conclusions (Catford et al. 2012, Guo et al.
2015). High exotic richness, as observed in the eastern United States, may be either a result of
high degree of invasion, or of high habitat heterogeneity able to sustain high numbers of both
native and exotic species. The latter may be the case in the Eastern United States, where high
levels of both native and exotic fish richness were observed. On the other hand, high exotic
fraction takes into account exotic richness, while also indicating the potential for biotic
homogenization (i.e. areas with higher exotic fraction may be filled with the same exotics as
other highly invaded areas). Furthermore, exotic fraction is less dependent on spatial scale than
exotic richness—although not completely unaffected by it (Guo and Ricklefs 2010)—making
this measure more suitable for cross-regional comparisons (Catford et al. 2012, Guo et al. 2015).
Even in the context of management, these measures may be interpreted differently. Exotic
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richness may indicate the number of species that require management, while exotic fraction
offers an idea of the potential for an ecosystem to recover from invasion.

4.7

Conclusion

Through a multi-scale study of the influence of beta diversity on biotic resistance, we were able
to obtain new insights into the role of this aspect of diversity. Our findings suggest that native
beta diversity may be able to increase biotic resistance at the largest spatial scales, as it was able
to decrease both NERR slope and exotic fraction at these scales. As both a modulator of NERR
slopes and a potential driver of biotic resistance, beta diversity can be used to facilitate the
identification of regions vulnerable to invasion, and as a potential tool to increase biotic
resistance of vulnerable areas. The mechanisms by which native beta diversity influences biotic
resistance are still unclear, but represent interesting paths for future research. In addition, the
broad-scale patterns of exotic fraction portrayed in our study indicate that exotic fraction and
exotic richness may not be used interchangeably as measures of degree of invasion, since they
have different interpretations both for ecology and for management.
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Table 4.1 Spatially nested levels (from smallest to largest) of the NatureServe and NAS
Unit

Description

HUC 8

watershed

Number of
units in study
2058

HUC 6

accounting unit

331

HUC 4

subregion

204

HUC 2

region

18
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Table 4.2 Six extent and grain size combinations resulting in six different spatial scales derived
using four HUC levels (HUC8, HUC6, HUC4, and HUC2).
Spatial scale
HUC68
HUC48
HUC28
HUC46
HUC26
HUC24

Extent size
HUC6
HUC4
HUC2
HUC4
HUC2
HUC2

Grain size
HUC8
HUC8
HUC8
HUC6
HUC6
HUC4
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Table 4.3 Slopes of the relationship between maximum native beta diversity and the slope of
significant native-exotic richness relationships (NERR). Cells shaded blue are statistically
significant (<0.05). Cells shaded gray are almost statistically significant (<0.07).
HUC68
Combined

HUC48

HUC46

HUC28

HUC26

HUC24

-0.028

-0.15

-0.33

-0.026

-0.02

-0.18

Western

-0.12

-0.16

-0.53

0.05*

-0.21*

-0.0058*

Eastern

0.056

-0.08

-0.35

NA

-0.13*

-0.02*

* Slopes obtained from models containing all NERR slopes, not just significant slopes.
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A

B

Figure 4.1 A) Map of the distribution of native freshwater fish species richness across the
conterminous United States. B) Map representing the division of HUCs in the conterminous
United States into Western and Eastern.
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Figure 4.2 Map of the distribution of slopes of native-exotic richness relationships (NERR)
between native and exotic freshwater fish across the conterminous United States.
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Figure 4.3 Map of the distribution of exotic fraction of exotic freshwater fish across the
conterminous United States.
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Figure 4.4 Relationship between maximum native beta diversity and slope of statistically
significant native-exotic richness relationships (NERR) at 12 different spatial scales. Colored
lines represent Eastern or Western. Dotted lines represent the combined model (entire US). Data
was insufficient at the largest scales for within region models.
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Figure 4.5 Coefficient estimates of maximum native beta diversity for regressions against exotic
fraction at 12 different spatial scales for two regions. No model was performed for scale HUC28
in the eastern United States because all beta diversity values at this scale equaled 1.
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CHAPTER 5.

CONCLUSIONS

The work presented here evidences the benefits of studying patterns and processes of invasion
through a macrosystems perspective. Through a comparative analysis of 63 invasive and 824
non-invasive exotic woody species on 45 traits, I was able to identify key determinants of
invasiveness—vegetative reproduction, usage of long distance dispersal vectors, and vine-like
growth forms. Using these traits, I created a statistical model able to accurately predict the
invasiveness of exotic species over 85% of the time on average. The findings from the multiscaled analysis of the role of native beta diversity in biotic resistance suggest that beta diversity
increases biotic resistance, albeit only at large spatial scales. In this study, I found that native
beta diversity was associated with more negative NERR slopes and lower levels of exotic
fraction at large spatial scales. The study also underscored the importance of considering
continental-level patterns when studying invasion at smaller scales, as well as the fundamental
differences between exotic richness and exotic fraction as measures of invasion.
The findings from these studies contribute to our understanding of invasion patterns and
processes in meaningful ways. Using a macrosystems perspective, I was able to make useful
generalizations that transcended taxonomic and geographic boundaries regarding the
invasiveness of woody plants. I was also able to detect subcontinental-level gradients—a stark
difference between the eastern and western United States in native richness, NERR slope and
exotic fraction—that must be taken into consideration in future studies, as these gradients may
potentially influence findings regarding patterns and processes of invasion at smaller scales. A
macrosystems perspective also allowed me to describe the influence of beta diversity on biotic
resistance and its scale-dependency, which would not have been possible in a single-scale study.
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Furthermore, the work presented here elucidates exciting avenues for future research.
Biotic resistance research may benefit from a better understanding of invasions in plantation
systems and the role of biotic resistance in impeding exotic pest outbreaks (Liebhold et al. 2013).
Further invasive traits research is needed to test the applicability of the key invader traits
identified here on herbaceous invasive plants and on invaders across the globe. Likewise, our
understanding of the role of native beta diversity on biotic resistance would benefit from further
research into the mechanism by which the patterns I observed were produced.
Nonetheless, these studies make important practical contributions to society and resource
management. The knowledge generated by the invasive traits study can be used by high-level
resource management (e.g., federal institutions such as U.S. Forest Service and the Animal and
Plant Health Inspection Service) to improve existing screening tools for plants being introduced
for ornamental, forestry or other economic purposes. Existing screening tools, such as the
Australian Weed Risk Assessment (Pheloung et al. 1999), are often taxonomically and
geographically limited, and based mostly on a priori assumed importance of individual traits
(Gordon et al. 2008). This information can also be used to improve current classifications of
invasive status used by these high-level management institutions to prioritize efforts (Nel et al.
2004). The findings of this study, particularly the key invader traits identified, may also be used
by local managers to identify exotic plants with high potential of invasiveness before they spread
and become much harder to manage (Carpenter and Cappuccino 2005, Pyšek and Richardson
2010). Furthermore, these key invader traits may be used as a guide to attractive or desirable
plants with low potential of invasiveness for the horticultural industry, as well as gardeners,
landscapers and home-owners who wish to be environmentally responsible. On the other hand,
native beta diversity may potentially be used by regional and federal-level managers to identify
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areas that are vulnerable to invasion (e.g., regions in the Western United States) or as a tool to
increase biotic resistance of vulnerable areas (e.g., in terrestrial ecosystems Funk et al. 2008,
D'Antonio et al. 2009). Furthermore, the beta diversity study evidenced important differences in
the interpretation of exotic richness and exotic fraction in the context of resource management
(Catford et al. 2012). Managers at all levels must keep in mind that these two measures may not
be spatially correlated, and therefore should be considered separately to gain different insights.
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APPENDIX A. SUPPLEMENTAL METHODS FOR CHAPTER 3

We performed analyses to test the robustness of the patterns observed in our study against the
signals of family membership and primary growth form as proxies for phylogenetic relatedness.
To test against the signal of family membership, we performed a series of manual stepwise
distance-based redundancy analyses on the five families with the largest number of invasive
species in our database to identify variables that maximize difference among families (akin to
our methodology to identify traits that separated invasives from non-invasives). If the
characteristics of invasiveness are robust, we expect invasive species to cluster with each other
instead of with their respective families. Using the traits selected (Table A.1), we performed a
PCoA to see if species cluster according to their family membership or invasive status in an
unconstrained ordination (Fig. A.1). The results of this PCoA indicate that most invasive species
tend to cluster in the lower left quadrant of the biplot. A number of non-invasive Rosaceae
species also cluster in this quadrant. Invasive Fabaceae species, the exception to this pattern,
cluster with non-invasive Fabaceae species on the right side of PCo1, separating from the other
four families. Fabaceae species—also known as legumes—are a large, distinct family of
nitrogen-fixing trees, shrubs and herbaceous species, many of which have been found to be
invasive in different parts of the world. Being a monophyletic taxonomic group, legumes display
a high level of interrelation among species. Almost all species in this family benefit from close
association with N-fixing bacteria and produce fruits called legumes; these characteristics
separate Fabaceae species from other families in trait space.
To test against growth form, we performed the same PCoA featured in Figure A.1, but
visually distinguishing species of different growth forms. If the signal of growth form were
stronger than that of invasive status, we expect to see clustering by growth form. The results of
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this PCoA show no clustering of growth forms among invasives or non-invasives, indicating that
the invasive status signal is stronger than the growth form signal (Fig. A.2).
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Table A.1 Important traits in differentiating species from different families as identified through
a series of distance-based redundancy analyses executed in a manual stepwise manner
Number of growth forms
Min. elevation (m)
Max. elevation (m)
Plant type
Leaf longevity
Asexual regeneration
Wind pollinated

Mammal pollinated
Bird pollinated
Insect pollinated
Wind dispersed seed
Water dispersed seed
Seed weight (g/seed)
Mammal dispersed seed

Bird dispersed seed
Insect dispersed seed
Fruit type
Arrangement
Max. leaf width (cm)
Leaf type
Group

Max height (m)
Max leaf length (cm)
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Figure A.1 Biplot of principal coordinates 1 and 2. PCoA of invasive and non-invasive species of
four families (Caprifoliaceae (N: 9/I: 5), Fabaceae (N: 16/I: 10), Rosaceae (N: 25/I: 3),
Myrtaceae (N: 6/I: 2), and Oleaceae (N: 4/I: 3)). Filled symbols are non-invasive, empty symbols
are invasive.
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Figure A.2 Biplot of principal coordinates 1 and 2. PCoA of invasive (n=51) and non-invasive
(n=109) exotic woody species using 21 functional traits. Colors distinguish species that display
different primary growth forms. Filled symbols are non-invasive, empty symbols are invasive.
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APPENDIX B. SUPPLEMENTAL FIGURE AND TABLE FOR CHAPTER 3

Figure B.1 Biplot of principal coordinates 1 and 2. PCoA of invasive (n=51) and non-invasive
(n=109) woody species using pre-selected traits.
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Table B.1 List of species labelled invasive elsewhere that overlap with invasives or with noninvasives (as designated by the USDA) in Figure B.1 above.
Overlaps
with invasives

Rubus ulmifolius
Ricinus communis
Cotoneaster franchetii
Crataegus monogyna
Alhagi maurorum
Acacia paradoxa
Betula pendula
Populus alba
Berberis darwinii
Olea europaea
Acacia cyclops
Acacia longifolia
Acacia melanoxylon

Overlaps with
non-invasives

Euonymus europaeus
Ligustrum ovalifolium
Cotoneaster simonsii
Viburnum dilatatum
Salix fragilis
Eucalyptus globulus
Celtis australis
Eucalyptus camaldulensis
Sorbus aucuparia
Ulmus parvifolia
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APPENDIX C. SUPPLEMENTAL FIGURE AND TABLE FOR CHAPTER 4

Figure C.1 Relationship between maximum native beta diversity and slope of all native-exotic
richness relationships (NERR) at 12 different spatial scales. Colored lines represent Eastern or
Western. Dotted lines represent the combined model (entire US).
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Table C.1 Slopes of the relationship between maximum native beta diversity and the slope of all
native-exotic richness relationships (NERR). Cells shaded blue are statistically significant
(<0.05).
HUC68

HUC48

HUC46

HUC28

HUC26

HUC24

Combined

-0.031

0.008

-0.017

-0.051

-0.15

-0.009

Western

-0.064

0.024

0.031

0.049

-0.18

-0.0058

Eastern

-0.003

-0.002

-0.027

NA

-0.11

-0.02
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